modern rates of species invasion with historical rates, calculated by determining the rate of invasion required to account for indigenous species richness (Gaston et al. 2003) . Species that have been valued by humans for food (both wild and domesticated), sport, companionship, aesthetic purposes or biological control, as well as commensal species that travel with humans, have been introduced as alien species (IUCN 2000) into areas of the world where they were previously absent. In many cases, their introduction into the new environment has been deliberate, although not all introduced species become established or have negative impacts.
The transportation of exotic species as pets, or for other entertainment or cultural purposes, can be traced back to ancient societies, including by the rulers of ancient Egypt and by ancient Greeks and Romans (Hughes 2003) . These transportations may have had a more significant role in the loss of species from their native lands, particularly in the case of large mammals, than in the establishment of non-native species into new areas, although there are notable exceptions including the establishment of the domestic cat (Felis catus) in the Mediterranean, introduced from Egypt to Greece by the 5th century BC (Hughes 2003) . In recent times, the increase in trade in exotic pets has contributed to the introduction of many aquarium fish species, and may be the most significant cause of introduction of non-native birds, reptiles and amphibians (Kraus 2003) .
Vertebrate species that have typically been intentionally introduced into a new environment for food include cattle, sheep, goats, pigs, chickens and fish (Lockwood et al. 2007) . Some fish species have also been introduced for sport, for example the rainbow trout (Oncorhynchus mykiss), native to western USA, which can now be found in every continent (Lever 1996) . Along with game fish species, other smaller fish species, and even salamanders, have been introduced to new environments for use as fish bait (Fuller 2003) . Other species that have been introduced for sport include game birds (such as ducks and pheasants) and various species of deer (Cervidae). For example 18 species of deer were introduced into Australia in the 19th and 20th centuries, although only six species have become established (Moriarty 2004) .
Some vertebrate introductions occurred relatively early in human history, such as the arrival of the dingo (Canis lupus dingo) in Australia around 5000 years ago (Savolainen et al. 2004) , but other ecosystems have experienced modification by introduced species only relatively recently. For example, New Zealand was first settled only about 850 years ago by Polynesian people, who brought with them the Pacific rat (Rattus exulans) and domestic dog (Canis familiaris) (Hogg et al. 2003) . Some of these species originally introduced by humans are now commonly regarded as 'naturalised', and at least one (the brown hare, Lepus europaeus, in Britain) is currently the subject of a conservation action plan (Anon 1995a (Anon , 1995b .
More recently, the colonisation of the 'New World' by European settlers from the 1700s accelerated these changing patterns, and introductions were given further impetus by the acclimatisation movements that reached their zenith in the late 19th century (Lever 1977 (Lever , 1985 . As a result of these acclimatisation movements, European colonisation of New Zealand 200 years ago brought additional predatory mammals such as stoats, weasels, ferrets and hedgehogs, which have caused the extinction of many endemic birds and small mammals (Clout and Lowe 2000) . Misguided attempts at biological control have also had serious impacts on native species, for example the Indian mongoose (Herpestes javanicus), which was released in the 19th and 20th centuries onto several oceanic islands in an attempt to control rat populations , various insectivorous birds released to control insect pests of crops (Lockwood et al. 2007 ) and cane toads (Bufo marinus), introduced into Australia in 1935 to control agricultural insect pests (Lever 2001) .
In Australia, more than 80 introduced vertebrate species have established wild populations (Bomford and Hart 2002) , with 60 of these during 1840-1860 alone (Myers 1986) , and alien invasive species (alien species that have become established in natural or semi-natural ecosystems and threaten native biological diversity; IUCN, 2000) continue to have a severe impact on Australia's native fauna (Lunney et al. 2007) . Alien invasive species are now recognised as one of the foremost causes of species extinctions and population declines over historical time (Vitousek et al. 1997; Mack et al. 2000; Höijer et al. 2008) , and fauna on islands or isolated continental land masses are particularly susceptible to the effects of alien invasive species, with the most significant impacts caused by introduced rats, cats, goats, rabbits and pigs (Courchamp et al. 2003; O'Dowd et al. 2003) .
Although increasing awareness of the negative impacts of alien invasive species has led to regulatory responses and a reduction in intentional introductions of vertebrates, many of the adverse effects are increasing as these species continue to extend their ranges and as other environmental changes allow them to exert greater predation and competition pressure. A case in point is the cane toad in Australia, which is now spreading westwards across the continent at a much faster rate than several decades previously, probably partly as a result of changing environmental and habitat conditions (Phillips et al. 2007) . The overall impact of humans on the biophysical environment is greater now than ever, and changes in climate in particular are occurring faster than previously recorded (IPCC, 2007) . The ranges of alien invasive species may increase as climate change and increasing urbanisation and land clearance create habitats that favour some of them. Also, as natural ecosystems experience greater climate-induced stress, they will become more susceptible to the effects of other stressors such as alien invasive species (Mooney and Hobbs 2000; Höijer et al. 2008; Brook 2008, this issue) . Thus, the impact of alien invasive vertebrate species is likely to be exacerbated by changing climate (Lafferty and Gerber 2002) . Changing climate can also lead to nativespecies decline through increased spread of diseases, especially where the changing conditions favour alternative hosts or vectors of these diseases, thus increasing the survival of infectious agents (Kutz et al. 2005; Pounds et al. 2006; Bosch et al. 2007; Smith et al. 2007) .
The study of invasion biology therefore remains an important endeavour, and the papers in this special issue highlight some of the areas where new research is leading to advances in knowledge and our ability to deal with the impacts of invasive species.
Patterns and processes of invasion
The understanding of how invasive species establish themselves in new environments has moved on considerably in the last few decades (Kolar and Lodge 2001) . The tens rule of Williamson (1996) proposes that 10% of imported species appear in the wild, that 10% of those introduced become established and that 10% of these become a pest (Williamson and Fitter 1996) . As discussed by Clout and Russell (2008, this issue) , it is now recognised that introduced vertebrates, and particularly mammals, have a much higher probability of establishing and spreading than the tens rule would suggest (Jeschke and Strayer 2005) .
Establishment of introduced species is influenced by a number of factors, including competition and predation. Competition can hinder establishment by limiting the resources available for an invading species. Several different native species may be involved in utilising the resources required by the non-native species (Davis et al. 2000) , thus raising questions over the role of species richness and species function in the establishment of invasives (Symstad 2000) . Predation may hinder establishment through increasing the mortality rate of the invader, whereas in other cases predation may facilitate establishment. This is particularly apparent for non-native herbivores, which often assist the establishment of exotic plants species through grazing pressure on native plants, for example introduced sheep on Tasmanian grasslands (Leonard and Kirkpatrick 2004) . Host-parasite interactions can play a significant role in the success of introduced species, since invading species may be able to escape parasitism that they suffered in their native range, either through the failure of the parasite to be transported along with the invading species or the absence of other required life-cycle hosts in the new environment, whereas parasites native to the new environment may not be able to adapt to the invading species (Torchin et al. 2003) .
Establishment of a set of introduced individuals (the 'propagules') may also be affected by propagule size (the number of individuals released) and propagule number (number of release events) (Lockwood et al. 2007) , which has been illustrated by studies of bird introductions to New Zealand (Duncan 1997; Green 1997) . Propagule health may also be a factor in establishment success, which in turn may be influenced by the locality from which they originated (Lockwood et al. 2007 ). Invasion success is also assisted by the availability of climatically suitable habitat and a high reproductive capacity (Clout and Russell 2008, this issue) , and may be affected by other biological traits such as migratory tendency, geographical range, diet and habitat generalism and body mass.
Understanding of the process of spread has advanced significantly from the early, purely statistical models of Skellam (1951) , towards more sophisticated approaches relying on indepth knowledge of species behaviour and responses to local environmental and habitat conditions (Phillips et al. 2008, this issue) . These models can now make much more refined and robust predictions about risks of establishment and patterns of spread and can be used directly in an applied setting for conservation purposes.
The importance of understanding behavioural processes at the individual level for making predictions at the population level is emphasised by Russell et al. (2008, this issue) . They stress that it may be dangerous to assume that behaviour is consistent between individuals across different population densities. Thus, dispersal behaviour of invading individuals will not necessarily be the same as those in an established high-density population. Russell et al. (2008) show that a single rat may choose to leave an island despite an apparent abundance of resources and with no other suitable islands apparently within its perceptual range. Such individual events run counter to generalised predictions of behaviour, yet they can be of great consequence for invasions, particularly if the animal moving is a pregnant female or if the movement of even one individual predator is of great concern to the last remaining wild-living population of a rare island endemic (Atkinson 1996) . These observations have considerable implications for the maintenance of invasive-free status on islands following control.
The insights gained from some of the new, individual-based approaches can also highlight further complexities in conservation. For example, Gurnell et al. (2006) showed that management is context dependent, and that management of landscapes to reduce fragmentation and enhance the connectivity of native red squirrel (Sciurus vulgaris) populations in the UK may sometimes exacerbate the potential for negative interactions, such as diseases transmission and competition, with invasive grey squirrels (Sciurus carolinensis). This presents a real conservation dilemma between enhancing landscape connectivity, and therefore making broad conservation gains for many habitat-specialist species, but at the same time greatly increasing the level of threat to one species of high public value (White et al. 2001) .
Research on the patterns and processes of invasion can therefore provide unexpected insights into the conservation of rare and endangered species. The potential benefits that the study of invasions can bring for conservation biology are also examined by Cassey et al. (2008, this issue) , who focus on the implications for the translocation of native species. These authors highlight the role played by propagule pressure and suitable environments in invasion success, and argue that the most productive crossover in knowledge between conservation biology and invasion biology would come from studies of species that are experiencing threat in their native ranges yet are also being released as exotics outside this range.
Invasion biology can also gain much from other fields of research. Invasive species research is dominated by short-term impacts in recent historical time, but Searle (2008, this issue) argues that the study of 'natural' invasions in the past can be extremely useful for application to understanding new invasions. The study of genetics has only been incorporated within invasion biology relatively recently (Gleeson et al. 2006 ), but Searle (2008, this issue) suggests that it can give insights not only into the process of invasion, but also into revealing characteristics of invading organisms that might be useful in counteracting their spread. For example, in the stepping stone model of spread, genetic diversity will decrease from one location to the next, and populations of invasive species closer to the invasion front would therefore be expected to be less resilient to novel stressors in the environment, such as parasites and disease. In the future, it may be possible to use this understanding to assist in the development of more targeted control strategies for certain invasive species.
Ecosystem impacts and the human dimension
The extent of ecological impacts caused by alien invasive species in an area is determined by the interactions between these species and the native species present. This may occur in a number of ways, which range from genetic through to individual, population, community, landscape and global impacts (Lockwood et al. 2007) . Genetic impacts arise from the hybridisation of invasive and non-native species, and may lead to the loss of the native genotype. For example, the introduction of the mallard duck (Anas platyrhynchos) from the Northern Hemisphere into Australia and New Zealand has become a significant threat to already rare endemic ducks such as New Zealand's grey duck (A. superciliosa superciliosa) and Australia's black duck (A. superciliosa rogersi) owing to interbreeding (Lockwood et al. 2007) .
Predation and direct competition between alien invasive species and native species are often the most immediately apparent impacts; the introduction of predators, competitors, parasites and diseases can result in impact on the individual scale, including changes in morphology or behaviour (Schlaepfer et al. 2005 ), which will often, in turn, lead to population-level impacts and, frequently, population decline. The loss of the endangered tuatara reptile (Sphenodon punctatus) from the mainland of New Zealand and many of the islands off the north coast owing to depredation, particularly of eggs and juveniles but also adults, as well as competition for limited food resources, by the introduced Pacific rat (Rattus exulans) is just one of many examples (Cree et al. 1995; Towns et al. 2007) . Alien predators tend to have a much greater impact on prey populations compared with native predators (Salo et al. 2007) , and in cases where introduced predators have negative impacts on a number of native species, entire ecological communities may become affected, sometimes leading to mass extinctions (Lockwood et al. 2007) . For example, the introduction of the Nile perch (Lates niloticus) into Lake Victoria (East Africa) in the 1960s played a significant role, along with eutrophication, in the extinction of many endemic cichlid fish species (Verschuren et al. 2002; Goudswaard et al. 2002) . However, the effects of predation and competition may also be indirect and complex (Glen and Dickman 2005; Salo et al. 2007) . As discussed by Clout and Russell (2008, this issue) , it is now known that the successful management of alien invasive predators can sometimes lead to mesopredator release (Courchamp et al. 2003) or competitor release (Caut et al. 2007) , reducing the benefits gained from the control, and sometimes exacerbating the problems faced by endangered native species, albeit from another predator.
It is also becoming increasingly apparent that alien invasive species can cause disruptions to ecosystem functioning and services. Examples of predation by alien invasive species on seabirds affecting nutrient flow on islands are discussed by Clout and Russell (2008, this issue) . Dolman and Wäber (2008, this issue) provide an example of competition between invasive muntjac and native roe deer in English woodland. Roe deer have an important role as seed dispersers in the landscape (Eycott et al. 2007 ), but roe can be displaced by muntjac in dense woodlands (Hemami et al. 2004 (Hemami et al. , 2005 . Muntjac are much less effective at seed dispersal than roe (Eycott et al. 2007) , so this may have impacts on woodland regeneration and diversity. On oceanic islands, ecosystems are often simple, with a few species fulfilling multiple roles. They can recover well from climatic perturbations such as cyclones and hurricanes, because generally, the species on them are relict, early colonist species, which have become adapted to be able to persist at low population sizes (Cronk 1997 ). This simplicity, however, means they are vulnerable to invasion and as some species become extinct there is often a cascade of extinction of species reliant on them, totally altering ecosystem function and services (Fowler and Lindström 2002) .
In many areas of ecology, there is increasing recognition that management of ecosystems and the drivers affecting them requires the recognition of humans as a dominant force within the system (Rapport et al. 1999; Hannon 1992; Mageau et al. 1995; Xu and Mage 2001) . This perspective also pervades recent global and national strategies and reports such as the Convention on Biological Diversity (www.cbd.int), the Millennium Ecosystem Assessment (www.millenniumassessment. org/en/index.aspx), and 'The State of the Nation's Ecosystems' programme in the USA (www.heinzctr.org/ecosystems; Meyerson et al. 2008, this issue) . Although the importance of the social and cultural dimensions is well-recognised by those managing alien invasive species on the ground, it has been slow to enter the mindsets of researchers in invasion biology or those concerned with the development of invasive species policy.
The notion of invasive, and especially 'alien' species, provokes a strong negative response in many people (Gobster 2005 ). This appears to be due to an in-built suspicion or fear of the unknown, combined with a desire to protect something that is perceived, albeit incorrectly in many cases, as pristine and undamaged. Negative attitudes to alien invasive species pervade society and are also held widely among scientists and conservationists. There have been calls for more objectivity in the assessment of invasive species against a background of 'natural' flux in species distributions over time, for example by Brown and Sax (2004) . Based on the evidence of responses to dramatic environmental changes in the past, Brown and Sax (2004) stressed the resilience of ecosystems to external stresses, yet they still considered that human-assisted invasions have had and will continue to have significant impacts on biodiversity. Human opinions of alien invasive species also vary globally. Perceptions in some parts of the world, for example Australia and New Zealand, may be more adverse to alien species, with a much more protectionist attitude towards native fauna and flora, than in other areas, such as the UK and other parts of Europe. This may be the result of a combination of cultural differences, the extent of recognised biodiversity loss owing to invasive species and the timescale on which these losses are taking place.
For some sections of society, certain alien invasive species may be viewed positively, especially larger herbivores such as deer and feral pigs, which provide a source of revenue through sport, hunting and tourism (Gordon et al. 2004) . For these species in particular, some people argue that they should be viewed in terms of the social and economic benefits that they bring, rather than simply as an alien organism that must be eradicated (Hall and Gill 2005) . Nonetheless, while the recreational benefits derived from such species can be accumulated through a variety of monetary metrics, the species' harm to the environment and native species is more difficult to quantify monetarily, and most empirical economic assessments of invasive species have therefore been limited to the calculation of direct financial costs and benefits associated with damage and control (Born et al. 2005; Olson 2006 ). Recent efforts have examined methods for placing societal monetary values on rare species and habitats (Engeman et al. 2004a) , and these valuation techniques have been applied to swine damage in Florida where their impacts in even small areas can equate to large sums of money and high benefit-cost ratios for swine control (Engeman et al. 2003 (Engeman et al. , 2004b (Engeman et al. , 2007 . Although it is fraught with difficulties, the calculation of empirical monetary benefits derived from alien invasive species management is particularly appealing to land managers and governmental authorities, since it allows the development of fiscal arguments likely to be well received by the public.
The establishment of alien invasive species does not always lead to a decline in species richness. Although there have been many losses of individual species and a decrease in species richness globally as a result, many of the changes have led to local increases in species richness (Brown and Sax 2004) . For example, even in New Zealand, where the impacts of alien invasive species have been particularly severe, the species richness of many islands has increased substantially since European colonisation (Sax and Gaines 2003) , although several endemic species have become extinct. Furthermore, it is often those species that are specialised or low in abundance prior to the arrival of invasive species that become extinct owing to interactions with the invaders, since such species are already extinction prone (McKinney and Lockwood 1999 ). For already rare and threatened species, alien invasive species are just one more pressure contributing to their decline, along with other factors such as habitat loss and fragmentation, exploitation and pollution (Gurevitch and Padilla 2004) . Nevertheless, the higher conservation value bestowed by society to endemic and threatened species, particularly the 'charismatic megavertebrates' (Loomis and White 1996; White et al. 1997 White et al. , 2001 ), warrants the management of alien invasive species even in environments where local species richness has increased.
Although species richness may increase locally following the arrival of alien invasive species, the key concern of society is probably, first and foremost, the loss of charismatic individual species at the local level. This is combined with a deep-seated but less tangible unease with the increasing homogenisation of the species pool globally (Brown 1995; McKinney and Lockwood 1999) . The increasing distribution of the most successful species, such as Norway rats (Rattus norvegicus) and foxes (Vulpes vulpes), has parallels with the globalisation of human culture, with the most economically successful cultures invading smaller cultures, speeding their demise and becoming increasingly dominant throughout the world. Some of the hostility felt by society towards alien invasive species may therefore reflect the unease of many people regarding the socio-economic, cultural and environmental effects of globalisation, as described by Ehrenfeld (2005) .
There would be clear benefits from establishing more objective measures for assessing the impacts and management of alien invasive species. However, for many invasive species, the necessary data to underpin these assessments are lacking (Gren 2008) . Andersen (2008, this issue) highlights the potential contribution of risk assessment for invasive species impacts, combining problem formulation with the analysis of exposure and effects. However, he also stresses that each stage of the risk assessment process requires an in-depth knowledge of the system, including, where possible, quantified functional relationships such as the interactions between species density and direct or indirect ecological impacts. Detailed risk assessment methods already exist for many invasive plant species through the European Plant Protection Organisation (EPPO) (http://www.eppo.org/, verified April 2008), and some of the techniques are now being applied to vertebrates invasives (Copp et al. 2005) .
The problem of limited data availability on invasive species is also highlighted by Meyerson et al. (2008, this issue) . Alien invasive species are used as an indicator of biodiversity conservation status in a growing number of countries, including USA (Meyerson et al. 2008, this issue) and the UK (http://statistics.defra.gov.uk/esg/indicators/, verified April 2008). However, much of the monitoring work on species distributions is usually done locally and outside the context of a larger, national or even regional monitoring programme. As a result, the information tends to be fragmentary and of variable quality, and the impacts of invasive species on a national scale are frequently poorly understood. In the absence of coordinated monitoring programmes, indicators related to invasive species are inevitably crude measures (Meyerson et al. 2008, this issue) and are not well-suited for detailed trend assessment over time, which is important if biodiversity conservation policies are to be evaluated. More and better-coordinated surveillance programmes are required if we are to prevent new invasions and detect new arrivals before they can become established (Böhm et al. 2006) .
For some alien invasive species, there is a diverse range of stakeholder groups holding different views and interests, and this can also hinder progress towards achieving objectivity and consensus for management. One way in which these can be considered together is within an assessment such as the triple bottom line (Elkington 1998) , where social, economic and environmental impacts are considered together. This approach has been used in Australia to highlight the most damaging invasive species (McLeod 2004) . However, it was used in that context in an essentially qualitative manner, with the social, economic and environmental impacts considered independently, which means it is difficult to incorporate it into a monitoring programme and to draw comparisons between species.
Andersen (2008, this issue) stresses the importance of participatory approaches in developing risk assessment models. The combination of expert and stakeholder knowledge is an area with rich potential for application to many areas of humanwildlife interactions (Martin et al. 2005; Fazey et al. 2006) , something that has been advocated for alien invasive species management at high levels of government legislation (Wittenberg and Cock 2001) , but this approach is rarely integrated within formal research (Dougill et al. 2006 ) and has not been used extensively to date in research on strategic assessments of invasive species.
Recently, the interest in ecosystem-level analysis has led to renewed interest in holistic indicators of ecosystem status. Holistic indices that integrate social, economic and environmental impacts have been applied for assessing ecosystem health (Aguilar 1999; Robertson et al. 2003; Raffaelli et al. 2005) and these may provide a means of progressing the 'triple bottom line concept' further in a way that is more amenable to invasive species management. The production of a single index is advantageous in enabling comparisons and evaluating progress. This is also the method's weakness, in terms of the assumptions inherent in combining across the social, economic and environmental categories. However, this also provides a mechanism for enhancing stakeholder participation, since the weightings accorded to the different components of the index can be discussed and agreed on by the stakeholder groups, and the sensitivity of the index to changes in the weightings of these components can also be quantified. The application of this type of holistic approach could make a useful contribution to policy decisions regarding invasive species management.
Conclusions and recommendations for future research
The papers in this special issue draw together some of the key principles and current knowledge for managing the impacts of alien invasive species. There have been considerable advances in terms of the understanding of species spread, assisted by the development of new, more sophisticated modelling techniques. Models based on behavioural processes at the individual level, coupled with an application of genetic technology, hold considerable promise for enhancing our ability to predict species spread, and may also provide insights into novel ways of managing their impacts or reducing populations. There has also been a growing realisation that invasion biology should not be viewed as an isolated area of study, but that it can contribute to enhancing our understanding of conservation biology as a whole.
We are in an era of unprecedented environmental change, and the adverse impacts of alien invasive species on native biodiversity are expected to increase with climate change. For example, recent research has confirmed that climate change, by increasing the spread of the chytrid fungus (Batrachochytrium dendrobatidis), is a factor behind global declines in amphibian populations (Pounds et al. 2006) . Further impacts on biodiversity from environmentally induced changes in host-parasite dynamics are likely to occur increasingly in the future. Advances in scientific understanding of invasion biology, such as those described in this special issue, will help us to intervene more effectively to limit the impacts of invasive species. However, they will not help us to decide when we should intervene. This and many other questions surrounding alien invasive species are not scientific ones. Scientists can investigate causes and consequences of invasions, and quantify their impacts. But decisions as to what impacts are desirable or not, and whether or not and how invasive species should be managed are questions for society. Intervention in some cases may need to be rapid, but a mechanism may not be in place to implement a rapid intervention. Management actions are usually the responsibility of government agencies; but unless resources and pre-emptive plans are in place, then an effectively timely intervention is unlikely to take place, even if it would be an expression of the public will.
There are many opportunities for enhancing the social dimensions of alien invasive species research, and integrated assessments of the social, economic and environmental impacts of species provide one way in which these can be advanced. The absence of a research paper on the social impacts and consequences of invasive species from this issue reflects the lack of formal investigation of these issues to date, and therefore the need for expansion in this area. There is also a need to increase stakeholder participation in the decision-making process regarding invasive species. With environmental change and globalisation of trade, the pressure from new introduced species and the impacts of already established invasive species will only amplify. Increasingly, we will need to make hard decisions about when to intervene or when to leave alone. Active engagement with stakeholder groups will be an important part of this deliberation process, and is essential if we are to capture the greatest value to society from alien invasive species management.
